Marine Chemistry 192 (2017) 32–48

Contents lists available at ScienceDirect

Marine Chemistry
journal homepage: www.elsevier.com/locate/marchem

Arsenic, vanadium, iron, and manganese biogeochemistry in a deltaic
wetland, southern Louisiana, USA

MARK

Katherine Telfeyana,⁎, Alexander Breauxa,b, Jihyuk Kimc, Jaye E. Cablec, Alexander S. Kolkera,b,
Deborah A. Grimmd, Karen H. Johannessona
a

Department of Earth and Environmental Sciences, Tulane University, New Orleans, LA 70118, USA
Louisiana Universities Marine Consortium, Cocodrie, LA 70344, USA
c
Department of Marine Sciences, University of North Carolina at Chapel Hill, Chapel Hill, NC 27514, USA
d
Coordinated Instrumentation Facility, Tulane University, New Orleans, LA 70118, USA
b

A R T I C L E I N F O

A B S T R A C T

Keywords:
Vanadium
Arsenic
Subterranean estuary
Myrtle Grove
Wetland biogeochemistry
Redox-sensitive trace elements
Diﬀusive ﬂuxes

Geochemical cycling of the redox-sensitive trace elements arsenic (As) and vanadium (V) was examined in
shallow pore waters from a marsh in an interdistributary embayment of the lower Mississippi River Delta. In
particular, we explore how redox changes with depth and distance from the Mississippi River aﬀect As and V
cycling in the marsh pore waters. Previous geophysical surveys and radon mass balance calculations suggested
that Myrtle Grove Canal and the bordering marsh receive fresh groundwater, derived in large part from seepage
of the Mississippi River, which subsequently mixes with brackish waters of Barataria Bay. Additionally, the redox
geochemistry of pore waters in the wetlands is aﬀected by Fe and S cycling in the shallow subsurface (0–20 cm).
Sediments with high organic matter content undergo SO42 − reduction, a process ubiquitous in the shallow
subsurface but largely absent at greater depths (~ 3 m). Instead, at depth, in the absence of organic-rich
sediments, Fe concentrations are elevated, suggesting that reduction of Fe(III) oxides/oxyhydroxides buﬀers
redox conditions. Arsenic and V cycling in the shallow subsurface are decoupled from their behavior at depth,
where both V and As appear to be removed from solution by either diﬀusion or adsorption onto, or coprecipitation with, authigenic minerals within the deeper aquifer sediments. Pore water As concentrations are
greatest in the shallow subsurface (e.g., up to 315 nmol kg− 1 in the top ~20 cm of the sediment) but decrease
with depth, reaching values < 30 nmol kg− 1 at depths between 3 and 4 m. Vanadium concentrations appear to
be tightly coupled to Fe cycling in the shallow subsurface, but at depth, V may be adsorbed to clay or
sedimentary organic matter (SOM). Diﬀusive ﬂuxes are calculated to examine the export of trace elements from
the shallow marsh pore waters to the overlying canal water that ﬂoods the marsh. The computed ﬂuxes suggest
that the shallow sediment serves as a source of Fe, Mn, and As to the surface waters, whereas the sediments act as
a sink for V. Iron and Mn ﬂuxes are substantial, ranging from 50 to 30,000 and 770 to 4300 nmol cm− 2 yr− 1,
respectively, whereas As ﬂuxes are much less, ranging from 2.1 to 17 nmol cm− 2 yr− 1. Vanadium ﬂuxes range
from 3.0 nmol cm− 2 yr− 1 directed into the sediment to 1.7 nmol cm− 2 yr− 1 directed out of the sediment

1. Introduction
1.1. Biogeochemistry and hydrology of coastal wetlands
The hydrology of coastal wetlands is complex and incorporates
mixing of numerous hydrologic reservoirs, including surface waters and
groundwaters (Fagherazzi et al., 2013; Sanders et al., 2015). Additionally, chemical constituents (e.g., carbon, nutrients, metals) of shallow
and deep pore waters ﬂowing through wetlands may be substantially
diﬀerent than those of the surface estuary owing to input from

⁎

terrestrial aquifers, adsorption/desorption reactions with mineral surfaces within the sediments, and biogeochemical reactions that occur
where groundwater with enriched reduced species (e.g., Fe2 +, Mn2 +,
HS−, etc.) encounters oxygenated marine waters (Moore, 1999;
Gleeson et al., 2013; Maher et al., 2013; Sanders et al., 2015;
Makings et al., 2014). The diﬀerence in concentrations of solutes in
pore water and overlying water in such environments leads to a
chemically reactive zone, termed the subterranean estuary (STE) where
fresh and saline water mix within sediments in coastal aquifers (Moore,
1999).
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phytoplankton in P-limited waters (Hellweger et al., 2003; Duan
et al., 2010; Ren et al., 2010). Similarly, although V is essential to
biota at low concentrations, at higher concentrations V(V) impedes the
functionality of Na+/K+-dependent ATPase, and consequently, can be
detrimental to organisms (Cantley and Aisen, 1979). Arsenic in natural
waters exists predominantly in the As(III) and As(V) redox states,
occurring as oxyanions, oxythioanions, or in organic compounds such
as methylated species and organosugars (Cullen and Reimer, 1989;
Webster, 1990; Planer-Friedrich et al., 2007; Helz and Tossell, 2008).
Arsenic in groundwater systems has been studied extensively in
conjunction with Fe and Mn cycling owing to the prevalence of As
contamination in Holocene deltaic aquifers undergoing reductive
dissolution of Fe(III)/Mn(IV)oxides/oxyhydroxides (e.g., Nickson
et al., 1998; Fendorf et al., 2010; Yang et al., 2016). However, in
systems with elevated dissolved sulﬁde, formation of thioarsenates will
also inﬂuence arsenic cycling (Hollibaugh et al., 2005; Wallschläger
and Stadey, 2007; Planer-Friedrich et al., 2008). Thus, further study of
arsenic in sulﬁdic wetland environments is warranted.
Vanadium is a lithophilic element that predominantly exists in
natural waters as oxyanions of V(V) and oxycations of V(IV), although
V(III) can exist in extremely reducing environments (Goldschmidt,
1954; Wanty and Goldhaber, 1992). Whereas the vanadate oxyanion
H2V(V)O4– is stable in solution in oxidized waters, the vanadyl cation,
V(IV)O2 +, which predominates in many reducing waters, is particle
reactive and commonly adsorbs to clays and organic matter (McBride,
1979; Breit and Wanty, 1991; Wanty and Goldhaber, 1992). Vanadium
geochemistry has also been explored in terrestrial aquifers (Fiorentino
et al., 2007; Wright and Belitz, 2010; Pourret et al., 2012; Wright et al.,
2014) as well as in the ocean (Jeandel et al., 1987; Middelburg et al.,
1988), but studies of its cycling in the coastal zone are fewer (Beck
et al., 2008; Beck et al., 2010; O'Connor et al., 2015).
The hydrologic and geochemical dynamics of salt marsh systems are
known to exert important controls on trace metal cycling in shallow
pore waters, which may change diurnally or seasonally and be largely
decoupled from deeper pore waters (Beck et al., 2008). In this
contribution, we focus on As and V cycling because of their redox
sensitivity, potential role as environmental contaminants, and importance in biological cycles. We use the current understanding of V and As
redox-sensitivity and speciation controls to investigate their cycling in a
coastal wetland where groundwater predominantly sourced from the
Mississippi River mixes with brackish water from Barataria Bay (Kim,
2015). We examine how As and V concentrations vary within the
context of marsh hydrology and predominant redox processes.
Although we focus on a marsh in the Mississippi River Delta, the
implications of this study shed light on the complexities of trace
element cycling in wetlands of other major river delta systems.

Biogeochemical reactions occurring in the STE may immobilize
solutes within, or release solutes from, sediments into pore water, thus
potentially altering the ﬂux of solutes to the ocean (Berner, 1980;
Moore, 1999; Cable et al., 1996; Charette and Sholkovitz, 2006; Santos
et al., 2011). For example, water discharged from the STE may act as a
source of nutrients (Slomp and Van Cappellen, 2004; Paytan et al.,
2006), silica (Kim et al., 2005), carbon (Cai et al., 2003; Moore et al.,
2006), and iron (Windom et al., 2006; Charette et al., 2007) and may
also aﬀect the mass balance of oceanic tracers, such as Nd and its
isotopes (Johannesson and Burdige, 2007; Johannesson et al., 2011;
Chevis et al., 2015a) or Sr (Basu et al., 2001; Charette and Sholkovitz,
2006) to the coastal ocean. Moreover, studies of a number of redoxsensitive trace elements (e.g., Mo, U, V, Fe, Hg, As) demonstrate that
the STE can serve as a source or sink of these trace elements depending
on the geologic setting and dominant biogeochemical reactions occurring in the STE (e.g., Windom and Niencheski, 2003; Bone et al., 2006;
Swarzenski and Baskaran, 2007; Gonneea et al., 2014; O'Connor et al.,
2015). For example, the STE may serve as a sink for uranium when
oxidized marine water recirculates through reducing sediments
(O'Connor et al., 2015), or as a source of uranium when coastal aquifer
materials are enriched in uranium (e.g., phosphatic desposits;
Swarzenski and Baskaran, 2007). Many of these redox-sensitive trace
elements (e.g., Mo, U, Re, V) are important as paleo-redox tracers of
past ocean chemistry, and hence, understanding the coastal processes
that control their ﬂuxes and cycling is essential for interpreting
chemical signatures in ancient marine rocks (e.g., Trefry and Metz,
1989; Rimmer, 2004; Morford et al., 2005; Tribovillard et al., 2006).
Flow of pore water through the STE of coastal wetlands is further
complicated by Fe, S, and organic matter cycling within the marsh
environment (Stumpp et al., 2014). Whereas burial of carbon is
important in Louisiana marshes, where deposition rates can reach
1 cm yr− 1 in environments like those discussed in this paper (DeLaune
et al., 2003; Kirman et al., 2016), much of the primary productivity in
a marsh is subjected to either remineralization or erosion from the
marsh to the coast (Fagherazzi et al., 2013). Marshes in many
Louisiana estuaries are net erosional (Couvillion et al., 2011; Wilson
and Allison, 2008), with organic material both recycled in the estuary
and exported to the coast (Bianchi et al., 2011a). In salt marshes, the
majority of the organic matter remineralization occurs in the top
20 cm of the sediment where the system is sensitive to changes in
tides, rainfall, temperature, and vegetation growth (Lord and Church,
1983; Hunt et al., 1997; Báez-Cazull et al., 2008). Organic matter
remineralization in sediments occurs during anaerobic respiration
whereby microbes utilize oxidants for energy in order to conserve the
most energy per mole of organic carbon consumed such that the
energetic favorability of the oxidants (electron acceptors) decreases
as follows: O2 > Mn(IV)O2 ~ NO3− > Fe(III)O2 > SO42 − (Froelich
et al., 1979). However, the speciﬁc electron acceptor used by microbes
to oxidize organic matter during anaerobic respiration, as well as the
depth of reduction, varies as a function of the sediment organic matter
content, diﬀusive ﬂux of oxygen, physical heterogeneity in the
subsurface from roots, bioturbation by benthic animals, and the
supply of possible oxidants (Aller, 1982; Craven et al., 1986;
Gaillard et al., 1989; Shaw et al., 1990; Burdige, 1993). In salt
marshes, sulfate reduction is commonly responsible for as much as
90% of the organic matter remineralization, with iron and manganese
reduction playing relatively minor roles when compared to sulfate
reduction (Gaillard et al., 1989; Burdige, 1993; Carey and Taillefert,
2005).

2. Study site
The Myrtle Grove study site is located in the Barataria Basin, an
interdistributary basin within the larger Mississippi River Delta that is
constrained by the Mississippi River to the east, Bayou Lafourche to the
west, and the Gulf of Mexico to the south (Fig. 1; Breaux, 2015; Kim,
2015). Barataria Basin encompasses a region of about 6300 km2 (Park,
2002; Inoue et al., 2008). Myrtle Grove Canal (MG) is a ~20 km long
north-south oriented canal in the southern portion of Barataria Basin
extending from ~1 km south of the Mississippi River to the head of
Barataria Bay (Fig. 1). Surface water salinities range from ~4 in the
northern portion of the canal proximal to the Mississippi River to
~8 closer to the Bay (Table 1). With the gradual increase in salinity
from north to south along the canal, the vegetation also changes from
predominantly Spartina patens and Distichlis spicata at the head of the
canal in the brackish marsh to Spartina alterniﬂora and Juncus roemerianus closest to the Bay in the salt marsh (CRMS, 2015; lacoast.gov/
crms). The sediment throughout the marsh is similar to other brackishsalt marsh systems, consisting of predominantly porous organic matter

1.2. Arsenic and vanadium geochemistry
Arsenic is a highly toxic element, with increasing toxicity from
organic As to inorganic arsenate and inorganic arsenite (B'hymer and
Caruso, 2004). Arsenate is chemically similar to phosphate and therefore is a competitive inhibitor, leading to uptake of arsenate by
33
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Fig. 1. Map of sample sites along Myrtle Grove Canal. At MG-1 and MG-5, samples were collected from surface water in the canal adjacent to the piezometers installed nearby. The short
sediment cores were collected within 200 m of the piezometers. Coastwide Reference Monitoring System stations CRMS0276 and CRMS0237 are also shown (green). Freshwater
diversions are indicated as (1) Davis Pond Diversion, (2) Naomi Siphon, and (3) West Point à la Hache Siphon. (For interpretation of the references to colour in this ﬁgure legend, the
reader is referred to the web version of this article.)

master-plan). Consequently, understanding the hydrology and geochemistry of the Myrtle Grove region is critical to predicting the utility
and eﬀect of any potential future river diversion in the area.
The two sample sites, MG-5 and MG-1, diﬀer in their proximity to
the Mississippi River and vegetation type (Fig. 1). Site MG-5 is located
~2.75 km from the Mississippi River (~ 1.75 km from the head of MG),
and the short core taken for pore water extraction (Section 3.3) at this
site was collected from a tidal ﬂat that was separated from Myrtle Grove
Canal by ~50 m of a brackish marsh (salinity ~4 ). During the April
2014 sampling the tidal ﬂat was exposed to the atmosphere, whereas
during the September 2014 sampling, the tidal ﬂat was ﬂooded with
water. As a consequence of the marsh ﬂooding, the short core was
collected from an exposed portion of the tidal ﬂat bank. MG-1, which is
~15 km from the Mississippi River, is vegetated by Spartina alterniﬂora,
which is indicative of the greater salinity (up to 9 ) of the marsh at this
location (Fig. 1).

in the top ~50 cm that becomes chieﬂy sandy or silty loams with depth
(Hughes et al., 1998; Breaux, 2015; O'Connor and Moﬀett, 2015). The
tides at Barataria Pass are diurnal, typical of the Gulf of Mexico, and
reach a maximum tidal range of ~0.6 m. Flushing times of Barataria
Bay are estimated to be 13–19 days (Li et al., 2011). The greatest water
level ﬂuctuations and hydrological exchanges occur during the passages
of cold fronts, which occur on a ~weekly basis from October to April
(Li et al., 2011).
Barataria Basin receives freshwater from rainfall, artiﬁcial river
diversions, the Gulf Intracoastal Waterway, and surface runoﬀ (Das
et al., 2010; Bianchi et al., 2011b). Additionally, groundwater may be
supplied to Barataria Basin through buried paleochannels driven by
diﬀerences in hydraulic head between the Mississippi River and
marshes (Kolker et al., 2013; Breaux, 2015; Kim, 2015).
Land loss in this part of the delta is substantial owing to a
combination of subsidence, sea level rise, dredging, ﬂood control
levees, and movement on listric normal faults (Couvillion et al., 2011;
Day et al., 2007; Kolker et al., 2011; Shen et al., 2016). As such,
anthropogenic freshwater diversions from the Mississippi River have
been constructed to supplement rainfall and the Gulf Intracoastal
Waterway as freshwater sources to the basin and deliver sediment to
the subsiding wetlands (Fig. 1; Das et al., 2010, 2012). As part of the
Louisiana's Comprehensive Master Plan for a Sustainable Coast, the Mid
Barataria Diversion proposed for Myrtle Grove would discharge
2124 m3 s− 1 of Mississippi River water to the Myrtle Grove Canal
(Das et al., 2012; LACPRA, 2012, http://coastal.la.gov/2017-coastal-

3. Methods
3.1. Hydrological measurements
We compiled hydrologic data from the United States Geological
Survey (USGS), National Oceanic and Atmospheric Administration
(NOAA), Coastwide Reference Monitoring System (CRMS), and our
own monitoring stations to evaluate the important variables aﬀecting
water level and salinity within the marsh (waterdata.usgs.gov; tide34
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Table 1
Concentrations of measured parameters for surface waters (SW), shallow pore waters (PW), and groundwaters (GW) for sites MG-1 and MG-5 sampled in April and September 2014.
Sample

Depth (cm)

April 10–13, 2014
MG-1-SW
Canal surface water
MG-1-PW1
0–1.5
MG-1-PW2
1.5–3.0
MG-1-PW3
3.0–5.5
MG-1-PW4
5.5–8.2
MG-1-PW5
8.2–9.7
MG-1-PW6
9.7–12.0
MG-1-PW7
12.0–16.0
MG-1-GW
357
MG-5-SW
Canal surface water
MG-5-PW1
0–2.0
MG-5-PW2
2.0–3.1
MG-5-PW3
3.1–4.7
MG-5-PW4
4.7–6.3
MG-5-PW5
6.3–7.6
MG-5-PW6
7.6–9.1
MG-5-PW7
9.1–11.0
MG-5-PW8
11.0–13.1
MG-5-PW9
13.1–15.0
MG-5-GW
302
September 23,
MG-1-SW
MG-1-PW1
MG-1-PW2
MG-1-PW3
MG-1-PW4
MG-1-PW5
MG-1-PW6
MG-1-PW7
MG-1-GW
MG-5-SW
MG-5-PW1
MG-5-PW2
MG-5-PW3
MG-5-PW4
MG-5-PW5
MG-5-PW6
MG-5-PW7
MG-5-PW8
MG-5-GW
a
b
c

2014
Canal surface water
0–2.3
2.3–3.6
3.6–5.2
5.2–6.9
6.9–8.2
8.2–9.3
9.3–12.5
357
Canal surface water
0–1.6
1.6–3.2
3.2–4.3
4.3–5.8
5.8–7.1
7.1–8.8
8.8–10.5
10.5–13.6
302

Salinity

pH

S(− II)a
(μmol kg− 1)

SO42-b
(mmol kg− 1)

Fe (μmol kg− 1)

Mn (μmol kg− 1)

V (nmol kg− 1)

As nmol kg− 1)

6.29

6.39
7.15

3.6
84.8
356.7
117.3
457.2
198.6
283.4
292.4
1.6
1.1
2.8
6.2
17.2
9.4
34.9
69.5
57.1
37.4
44.0
0.8

3.3

0.1
0.6
1.1
5.0
1.5
0.4
0.4
1.6
37.0 ± 0.3
0.5
5.9 ± 0.1
2.1
0.8
1.4
0.9
6.4 ± 0.1
1.9
0.5
1.1
44.0 ± 0.2

0.9 ± 0.1
8.2
9.0 ± 0.2
7.7
9.4 ± 0.2
8.8 ± 0.2
9.6
9.9 ± 0.1
33.8 ± 0.2
0.6
14.7 ± 0.4
12.4 ± 0.1
12.6 ± 0.1
12.8 ± 0.2
10.3
10.0
8.0 ± 0.1
6.81 ± 0.11
7.16 ± 0.1
14.1

19.6
30.7
35.2
36.8
26.3
23.8
20.7
20.0
31.2
25.0
14.1
12.0
13.3
13.4
13.8
34.4
14.5
10.3
11.1
41.4

12.5 ± 0.1
125.5 ± 5.3
142.7 ± 7.3
216.2 ± 2.3
222.7 ± 8.5
212.5 ± 10.7
315.4 ± 3.7
302.3 ± 8.6
10.3
12.2
34.4 ± 0.8
23.8 ± 1.4
21.3 ± 0.6
59.1 ± 2.2
30.8 ± 1.0
32.8 ± 0.7
24.3 ± 0.4
22.8
40.4 ± 0.7
27.8

0.7 ± 0.1
393.4 ± 5.3
545.5 ± 9.8
489.5 ± 15.0
803.8 ± 33.7
637.8 ± 23.6
444.4 ± 11.4
572.7 ± 38.0
307.2 ± 12.1
0.1
6.9 ± 0.1
2.5 ± 0.1
2.4 ± 0.1
0.9
1.5
5.1 ± 0.5

0.6
58.9
67.6
64.9
83.0
77.1
53.5
59.5
56.8
4.5
21.4
16.9
14.6
14.5
11.9
12.7
10.8
10.4
10.6

37.8 ± 0.5
23.9 ± 0.5

22.0
4.05

7.50
7.47
7.53
5.75
8.49
7.20
7.19
7.31
7.64
7.60
7.64
7.47

0.811

7.01

9.91
5.00

7.89
6.26
6.55
6.79
6.60

2.2
1.9

BDLc

1.4
0.7
5.5
8.8
3.2
6.6

2.92

BDLc
0.8
782.4
661.2
344.9
785.9
355.5
580.0
620.6
888.8
2.7

2.8
0.5

6.00
10.4
4.53
5.00

6.00
5.00
3.57

6.57
6.78
8.17
6.48
6.46
6.58
6.65
6.64
6.69
6.87
6.80
7.15

0.5
68.0 ± 0.3

2.6

±
±
±
±
±
±
±
±

0.6
1.1
1.8
2.7
1.4
1.0
2.6
1.6

±
±
±
±
±
±
±

0.2
0.3
0.9
0.4
0.2
0.7
0.1

± 0.5

51.8
71.6
73.3
36.0
39.2
7.1
59.8
36.6
26.7
31.0
28.9
36.2
54.5
27.9
29.3
46.5

±
±
±
±
±
±
±

2.1
0.5
0.4
0.5
0.7
0.2
0.6

± 0.3
±
±
±
±
±
±
±

0.7
0.8
0.8
0.4
0.2
0.4
0.2

±
±
±
±
±

1.0
2.8
2.2
0.6
2.0

±
±
±
±
±
±
±
±
±
±

0.7
0.6
1.6
0.5
0.8
0.5
3.1
0.1
0.7
0.2

15.8 ± 0.5.
94.3 ± 1.7
126.1 ± 3.96
122.6 ± 7.6
210.6 ± 4.1
201.3 ± 18.4
142.0 ± 12.5
164.8 ± 4.8
2.4 ± 0.2
28.3 ± 1.0
51.1 ± 3.2
37.0 ± 3.0
25.8 ± 0.9
31.1 ± 0.6
23.0 ± 0.8
27.6 ± 1.8
23.8 ± 0.6
21.3 ± 0.7
8.0 ± 0.2

Accuracy of the spectrophotometric method is 10% (APHA, 1985).
Relative standard deviation of the spectrophotometric method is 1.7% (APHA, 1985).
Sample below detection limit.

meters were emplaced and packed with sand (Quikrete® All-Purpose
Sand). Piezometers were constructed from PVC pipes connected to a
PVC Well Point that contained a 0.91 m screened interval. Prior to
sample collection, piezometers were developed by pumping to dryness.
Hereafter, we will refer to water collected from the piezometers as
groundwaters to diﬀerentiate between the shallow pore waters extracted from the shallow sediment cores that are described below.
Piezometer and surface water sampling surveys at Myrtle Grove
Canal were conducted during April and September 2014. Sampling
equipment, including high-density polyethylene (HDPE) sample bottles
and Teﬂon® tubing, were rigorously cleaned prior to use following
trace-metal clean procedures as described previously (e.g., Johannesson
et al., 2004). Pore waters were pumped from each piezometer using a
peristaltic pump with Teﬂon® tubing attached to a 0.45-μm Gelman
Sciences (polysulfone ether membrane) in-line ﬁlter capsule after
rinsing the HDPE sample bottle three times with the ﬁltered sample
water. Surface water samples were similarly collected from just below
the water surface of the canal proximal to each piezometer. All ﬁltered
water samples were then acidiﬁed so that the ﬁnal sample volume
consisted of 1% (v/v) ultrapure HNO3 (15.8 M, Thermo Fisher Optima™) and had a pH < 2. Deionized water was taken into the ﬁeld and
processed as a sample (i.e., ﬁeld blank) to ensure no contamination

sandcurrents.noaa.gov; lacoast.gov/crms). The CRMS maintains two
stations proximal to our study site that record the marsh water level on
a daily basis (Fig. 1; CRMS-0276, CRMS-0237). A NOAA tidal station
provided hourly tidal level at Grand Isle, a barrier island located at the
southern boundary of Barataria Bay (Fig. 1). The river stage was
reported daily from a gauging station at Belle Chasse maintained by
the USGS. Additionally, CTD divers were installed in our piezometers
(see Section 3.2. below) to record hourly water level and temperature
for the period between May 27 and September 24, 2014. A fast Fourier
transform function was used in Matlab (vR2015b) to convert these time
series data to frequency in order to identify the most dominant periods
in the hydrologic data (Menke and Menke, 2012; O'Connor and Moﬀett,
2015).
3.2. Sampling
Piezometers at sites MG-1 and MG-5 at Myrtle Grove were installed
to depths of ~3–4 m in the marsh on the eastern edge of the Myrtle
Grove Canal in April 2014 after extraction of sediment cores from the
same locations (Fig. 1). Sediment cores were extracted using vibracoring techniques and were processed for grain size analysis and loss on
ignition (Breaux, 2015). Immediately after core withdrawal, the piezo35
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(Trace Elements in Water), the National Research Council of Canada
(NRCC) SLEW-3 (Estuarine Water), and NRCC SLRS-4 (River Water
Reference Material). Percent error was generally < 10%.

during the sampling process, and duplicate samples were collected in
the ﬁeld to quantify analytical precision. Samples were kept in a cooler
on ice in the ﬁeld and transferred to a refrigerator (~ 4 °C) at Tulane
University where they were stored until analysis. Trace element
analysis of the water samples was conducted within two weeks of
sample collection.
Ancillary geochemical parameters, including salinity and pH were
determined on-site using a YSI handheld multiparameter sonde and
Oakton® pH meter (calibrated daily), respectively. Dissolved S(− II)
and SO42 − were determined using a portable Hach DR 2800 UV–VIS
spectrophotometer. Dissolved S(-II) concentrations were measured
using the methylene blue method (detection limit 0.31 μmol kg− 1;
Eaton et al., 1995), and SO42 − concentrations were determined by the
SulfaVer® method (detection limit 0.02 mmol kg− 1; Eaton, 2005).

3.5. Geochemical modeling
Geochemical modeling of dissolved species and mineral saturation
states was performed using the SpecE8 and React programs of
Geochemist's Workbench® (version 9.0; Bethke, 2008). The entire suite
of elements used in the geochemical calculations is listed in Appendix
A. Thermodynamic data from the default database (i.e., thermo.dat)
constructed by the Lawrence Livermore National Laboratory Database
(Delany and Lundeen, 1990) was modiﬁed to include the dissociation
constants of arsenous and arsenic acids from Nordstrom et al. (2014),
the sulﬁdation reactions for As from Helz and Tossell (2008), and
solubility data for Fe- and As-sulﬁde minerals from Morse et al. (1987),
Webster (1990), Eary (1992), Nordstrom and Archer (2003), Rickard
(2006), and Nordstrom et al. (2014), as outlined in Yang et al. (2015).
To date, the most appropriate formation constants of thioarsenates are
those reported in Helz and Tossell (2008), which were estimated by ab
initio computations. Arsenic speciation prediction using these constants
is deﬁcient because the model assumes that all As(III) is able to form
thioarsenite and As(V) to form thioarsenate, but without quantiﬁcation
of zero-valent sulfur in the shallow porewaters, the speciation of As
cannot be decisively quantiﬁed (Jay et al., 2004; Helz, 2014). Nevertheless, the thioarsenic speciation model is thought to be accurate
within roughly a factor of 10 of the actual species distributions (Helz
and Tossell, 2008; Yang et al., 2015).

3.3. Core collection and processing
Shallow pore waters were extracted from shallow sediment cores
(10–20 cm) that were collected in April and September of 2014. The
cores were rich in organic matter and core MG-1 contained plant
materials (mostly roots) (Breaux, 2015). A Hargis corer was used to
extract the sediment cores, which were immediately transferred to an
acid-rinsed (3.2 M HNO3) acrylic tube (2 mm thick walls, 6.8 cm inner
diameter). The samples were immediately capped, taped, and placed in
O2-impermeable Remel® anaerobic bags (Mitsubishi Gas Chemical Co.,
Remel®; Cat. No. 2019-11-02). Addition of an O2 absorber pouch
(Mitsubishi Gas Chemical Co., AnaeroPouch® Anaero; Cat. No. 23246-379; Sankar et al., 2014) prevented oxidation of sediments and
pore waters. Samples were then transported back to Tulane University
and processed in a glove box under a nitrogen atmosphere the same
day.
The sediment cores were sectioned in the glove box into ~20 mm
segments measured along the core length, and the segments were then
transferred into acid-washed 50 mL polyethylene centrifuge tubes
(Mohajerin et al., 2016). Pore water was then extracted by centrifugation (20 min at a relative centrifugal force of 1996) under N2. The
resultant pore water was then partitioned in the glove box as follows.
Approximately 1 mL of sample was diluted to 10 mL total volume with
deoxygenated, doubly distilled (Milli-Q, 18 MΩ cm) water and transferred outside the glove box for immediate UV–VIS spectrophotometery
analysis (Hach DR 5000) of S(− II) by the methylene blue method as
mentioned above. Another aliquot (approximately 2 mL) was ﬁltered in
the glove box through 0.45 μm Gelman PTFE ﬁlters into a 15 mL
polyethylene test tube. The ﬁltered pore waters were then transferred to
a class 100, laminar ﬂow clean bench where they were diluted with
approximately 8 mL of 0.32 M HNO3 (Thermo Fisher Optima™) and
then refrigerated until analysis for trace elements. If there was suﬃcient
pore water remaining, pH and salinity were measured using an Oakton®
pH meter and a refractometer, respectively.

3.6. Flux calculations
In order to determine the transport of trace elements between
hydrologic reservoirs, we consider the one dimensional transport
equation that accounts for advection, bioturbation, and diﬀusion
(Smith et al., 2008; Chevis et al., 2015b). We did not observe active
bioturbation by benthic animals within Myrtle Grove sediments, and
although roots are present throughout the marsh, their eﬀect is to
increase porosity, which is accounted for in the diﬀusion equation.
Additionally, Kim (2015) used Rn measurements to investigate advection between marsh sediments and canal water, which was deemed to
be negligible. Therefore, the advective-dispersive equation simpliﬁes to
the diﬀusion equation. Diﬀusive ﬂuxes of trace elements from shallow
Myrtle Grove pore waters were therefore calculated using Fick's ﬁrst
law of diﬀusion:

Jdiff = −φDs

∂C
∂z

(1)

in which φ is the porosity, Ds is the bulk sedimentary diﬀusion
coeﬃcient (m2 sec-1), and ∂ C/∂z is the concentration gradient, which
is approximated by ΔC/Δz (Berner, 1980; Burdige, 2006) (Table 2).
Depth is positive in the downward direction. Thus, the negative sign

3.4. Trace metal analysis
The concentrations of trace elements were determined by sectorﬁeld inductively coupled plasma mass spectrometry (Thermo Fisher
Element 2 ICP-MS) at Tulane University. Vanadium, Mn, and Fe
concentrations were determined by monitoring 51V, 55Mn, and 56Fe,
respectively, under medium resolution and As was measured by
monitoring 75As under high resolution to distinguish it from potential
ArCl+ interferences in the plasma stream (Datta et al., 2011; Olesik,
2014; Yang et al., 2015). A 45Sc spike (222.4 nmol kg− 1) was monitored as the internal standard for both medium and high resolution
runs. Calibration standards were made in concentrations ranging from
5 ng kg− 1 to 2.5 mg kg− 1 from SPEX CertiPrep® ICP-MS Multi-Element
Solution 2 with 0.32 M HNO3. The accuracy of each analysis was
evaluated using check standards in addition to the National Institute of
Standards and Technology (NIST) Standard Reference Material 1643e

Table 2
Constants used in Eq. (1).
Constant

Value

Source

φ
DSW (m2/s)

0.89 ± 0.03
As: 9.05 10− 10
Fe: 7.19 10− 10
Mn: 6.88 10− 10
V⁎: 7.93 10− 10 (vanadyl),
8.46 10− 10 (vanadate)

Breaux (2015)
Li and Gregory (1974)

To the best of our knowledge, there is no value reported for V. Additionally, using the
Stokes-Einstein equation to derive a coeﬃcient is not suitable for the oxyanion species.
Therefore, we used the value for ions with similar charge and molecular weight. Vanadyl
is most similar to the Ca++ ion, whereas vanadate is most similar to the H2PO4− ion.
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Fig. 2. A. Time series data for the Mississippi River stage measured at Belle Chasse (A), the surface water level in the marsh reported by CRMS (B) and the NOAA tidal level measured at
Grand Isle (C) for 2014 as outlined in the text. Water depth (D) and temperature (E) as recorded from CTD divers are shown for both piezometers. Sample sites MG-5 and CRMS site 0276
are located proximal to the river, whereas MG-1 and CRMS site 0237 are near Barataria Bay.

indicates that ﬂux is negative in the upward direction. The diﬀusion
equation accounts for tortuosity by dividing the molecular diﬀusion
D
coeﬃcient by the tortuosity factor, such that, DS = SW
, where DSW is
θ2
the molecular diﬀusion coeﬃcient for each element, and θ2 is the
tortuosity factor, which is calculated from θ = 1 − ln(φ2) (Table 2; Li
and Gregory, 1974; Burdige, 2006).

2014, the highest tides occurred in the late spring, decreased over the
summer, and increased again in the autumn (Fig. 2C). A similar pattern
is observed for the marsh water levels measured at both CRMS stations
(Fig. 2B). Linear regression of the time series data indicate that water
levels in the surﬁcial marsh correlate signiﬁcantly with the daily high
tide level at Grand Isle (CRMS-0276, R2 = 0.51, p < 0.005; CRMS0237, R2 = 0.54, p < 0.005). In contrast, water levels in piezometers
MG-1 and MG-5 are only weakly positively related to the tidal
ﬂuctuations (Fig. 2D; MG-1, R2 = 0.25, p < 0.005; MG-5, R2 = 0.11,
p < 0.005). The temperature in the deep pore waters increases over
the observation period, from May 27 to September, 24, 2014 (Fig. 2E).
Fourier analysis of the pressure head time series data indicates that
the predominant period in pore water level is ~14 days, or half a lunar
cycle. The daily tidal variability (24 h period) is apparent at MG-1,

4. Results
4.1. Marsh hydrology
Hydrologic data from lower Barataria Basin are shown in Fig. 2 as a
function of time. The Mississippi River stage was greatest in the spring
and lowest in the autumn and early winter (Fig. 2A). Over the course of
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Fig. 3. Fourier transforms of the time series data from Fig. 2 displayed as recurrence periods. The variables considered are the water depths in piezometers MG-1 (A) and MG-5 (B), the
water level recorded at the NOAA Grand Isle tidal gauge (C), and the Mississippi River stage recorded at the USGS Belle Chasse gauging station (D). Note that the y-axes on (A) and (B) are
107, for panel (C) is 105 and for panel (D) is 106.

4.3. General redox structure of shallow pore waters and deeper
groundwaters

which is closest to Barataria Bay but is substantially muted at MG-5,
which is proximal to the river (Fig. 3A, B, C). The dominant period for
the river stage is approximately 1 year (Fig. 3D).

Dissolved sulﬁde concentrations are commonly greater in the
shallow pore waters than in the deeper groundwaters (Table 1;
Figs. 4, 5). More speciﬁcally, the shallow pore water dissolved S(− II)
concentrations are 1–3 orders of magnitude greater than in the deeper
groundwaters. The pore water S(− II) proﬁles from the MG-1 and MG-5
sites display multiple peaks in each core and exhibit seasonal diﬀerences (Figs. 4, 5). For example, in shallow pore waters from the MG-1
site, S(−II) concentrations are close to 2 orders of magnitude higher in
April than September (average 256 μmol kg− 1 vs. 4.95 μmol kg− 1),
whereas at the MG-5 site, S(− II) concentrations of the shallow pore
waters are greater in September than in April (average 627 μmol kg− 1
vs. 30.9 μmol kg− 1).
The total dissolved Fe (passed through < 0.45 μm pore-size ﬁlters)
concentrations of the surface waters are < 1 μmol kg− 1 for both
seasons at both locations (Table 1). At the MG-1 site near Barataria
Bay, the Fe concentrations are much greater in September than in April,

4.2. Pore water proﬁles
The trace element (i.e., Fe, Mn, As, and V) and dissolved S(− II)
concentrations of the surface waters, shallow pore waters, and deep
groundwaters for sites MG-1 and MG-5 are presented in Figs. 4 and 5,
respectively, along with porosity and loss on ignition (LOI) data from
Breaux (2015). We assume that the surface waters collected from
Myrtle Grove Canal are representative of the water ﬂooding the marsh.
Again, the shallow pore waters were extracted from the organic-rich,
“spongy” sediments in the upper marsh, whereas the deeper groundwaters are from the mineral-rich sediments between 3 and 4 m depth
below the surface. The porosity of the upper core is substantial (e.g., up
to ~80%, Figs. 4, 5; Breaux, 2015), which likely reﬂects organic matter
remineralization and/or dissection from plant roots.
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Fig. 4. Graphical summary of data presented in Table 1 for site MG-1 near Barataria Bay. The left half of the ﬁgure depicts the core image, loss on ignition (LOI) and porosity from Breaux
(2015) for the length of the sediment core taken prior to piezometer emplacement. Dissolved S(−II) and trace element Fe, V, Mn, and As concentrations are shown for the surface waters
in April and September (triangles), the shallow pore waters (circles), and the deeper groundwaters (squares). The grey dashed line indicates the sediment-water interface and the orange
and blue dashed lines represent dissolved Fe and S(−II) peaks, respectively. The yellow outlines on the core image indicate where pore water was extracted. (For interpretation of the
references to colour in this ﬁgure legend, the reader is referred to the web version of this article.)

waters waters during both seasons. The V concentrations of Myrtle
Grove surface waters, shallow pore waters, and deep pore waters all
range from 10 to 60 nmol kg− 1 and increase between April and
September, except for the V concentration of deep groundwaters at
the MG-1 site, which decreases over the summer (Table 1). The
subsurface peak in V concentrations generally corresponds to the depth
where the subsurface Fe concentration peak occurs in the shallow pore
water proﬁles at each site (Figs. 4, 5).
Arsenic concentrations of Myrtle Grove Canal surface waters are, on
average, similar to the As concentration we measured in the Mississippi
River (14.6 nmol kg− 1, summer 2013), as well as to surface seawater
As concentration (~ 10–20 nmol kg− 1; Middelburg et al., 1988; Cutter
et al., 2001; Wurl et al., 2015). In April, V concentrations of Myrtle
Grove surface waters are typical of the upper range of the Mississippi
River (4–34 nmol kg− 1; Shiller, 1997; Shiller and Mao, 2000) and
similar to the V concentration measured in the Gulf of Mexico
(36 ± 2 nmol kg− 1; Shiller and Mao, 1999). However, in September,
the V concentrations of Myrtle Grove surface waters are greater than
the concentrations of either the Mississippi River or the Gulf of Mexico
(up to 60 nmol kg− 1).

whereas at the MG-5 site near the Mississippi River, the shallow pore
water Fe concentrations exhibit less seasonable variation. Both sites
exhibit elevated Fe concentrations in the deep groundwaters as
compared to the shallow pore waters and surface waters. Total
dissolved Mn exhibits diﬀerent concentration trends than Fe in surface,
shallow, and deep groundwaters (Figs. 4, 5). For example, Mn
concentrations in shallow pore waters from the MG-1 site near
Barataria Bay show distinct peaks with depth, whereas the Mn
concentrations generally decrease with depth during April and September at the MG-5 location (Figs. 4, 5). Unlike the Fe concentrations, Mn
concentrations in the deeper pore waters are comparable to those of the
shallow pore waters.
The Fe and Mn concentrations of the surface waters are similar to
those of the Mississippi River (Fe: 0.12 μmol kg− 1; Mn:
0.08 μmol kg− 1; measured October 2013; Fe: 0.52 μmol kg− 1; Mn:
0.03 μmol kg− 1; measured May 2013). In general, the Fe and Mn
concentrations of the surface waters are lower than the concentration of
the shallow pore waters, which are comparable to or lower than the
concentrations of the deep groundwaters (Table 1).

4.4. Trace elements arsenic and vanadium
4.5. Flux calculations
Arsenic concentrations in the Myrtle Grove surface waters increase
between April and September, whereas the concentrations in the deeper
groundwaters decrease over the same time period (Figs. 4, 5). Arsenic
concentrations of the shallow pore waters at the MG-5 site proximal to
the Mississippi River are comparable to those of the surface waters and
deeper pore waters, whereas the As concentrations of the shallow pore
waters at the MG-1 site near Barataria Bay are nearly an order of
magnitude greater than either the surface waters or deeper ground-

Calculated diﬀusive ﬂuxes are shown in Table 3. The negative sign
from Eq. (1) has been reversed to demonstrate that positive ﬂuxes are
moving out of the sediment and into the overlying water. These
computed ﬂuxes suggest that the shallow marsh sediments and
associated pore waters are sources of Fe, Mn, and As to the surface
water at both the MG-5 and MG-1 sites. Conversely, the calculated
ﬂuxes of V suggest that diﬀusion into the overlying water is minimal.
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Fig. 5. Graphical summary of data presented in Table 1 for site MG-5 near the Mississippi River. The left half of the ﬁgure depicts the core image, loss on ignition (LOI) and porosity from
Breaux (2015) for the length of the sediment core taken prior to piezometer emplacement. Dissolved S(− II) and trace element Fe, V, Mn, and As concentrations are shown for the surface
waters in April and September (triangles), the shallow pore waters (circles), and in the deeper groundwaters (squares). The grey dashed line indicates the sediment-water interface and the
orange and blue dashed lines represent dissolved Fe and S(− II) peaks, respectively. The yellow outlines on the core image indicate where pore water was extracted. (For interpretation of
the references to colour in this ﬁgure legend, the reader is referred to the web version of this article.)

whether or not the marsh is ﬂooded) is more relevant to redox processes
aﬀecting trace element concentrations. Kolker et al. (2013) suggested
that river stage drives the ﬂow of groundwater to the coastal bays in the
lower Mississippi River Delta. At Myrtle Grove Canal, the salinity of the
surface waters is less in April than in September, and combined with
continuous resistivity proﬁling, there is evidence to support a riverderived terrestrial groundwater ﬂux at the head of Myrtle Grove Canal,
the magnitude of which is greater when river stage is high (Table 1;
Breaux, 2015; Kim, 2015). Additionally, the annual cycle in the height
of Canal water inundation over the marsh corresponds with the annual
variability of the river stage, exhibiting markedly lower water levels in
the late summer (Fig. 2A, D). Water levels in this region are also
strongly aﬀected by meteorological processes, including cold fronts that
occur weekly from October to April, which causes water level ﬂuctuations of about 0.5 m on top of existing tides. The stage of the canal,
therefore, will be inﬂuenced by a combination of groundwater discharge, wind-driven coastal set-up, and tides.

Instead, the predominant direction of diﬀusive V ﬂux is into the
sediment. Through time, Fe and Mn are exported in greater quantities
in September than in April, whereas As and V ﬂuxes are generally
greater in April. Because the exact speciation of these elements is not
known, the calculated ﬂuxes are maximum estimates. For example,
complexation with larger molecules (e.g., DOM) will decrease the
diﬀusive ﬂuxes.
5. Discussion
5.1. Marsh hydrology
Fourier analysis indicates that water level variation in the marsh
most closely corresponds to tidal cycles, suggesting that water levels in
the Myrtle Grove region are largely controlled by tidal forcing (Figs. 2,
3). This analysis is consistent with a conceptual groundwater model
developed for Pintail Island, located in the Wax Lake Delta ~140 km to
the west of our study site, where local groundwater responded most
closely to tidal level, with the magnitude of the response depending on
distance from the shore (O'Connor and Moﬀett, 2015). We note that
although the tides inﬂuence the water level variability more strongly
than other factors, the absolute level of water in the marsh (i.e.,

5.2. Iron and sulfur cycling
The dominant processes aﬀecting S cycling at Myrtle Grove marsh
diﬀer between the two sites. For example, when the marsh at site MG-5

Table 3
Diﬀusive ﬂuxes of trace elements at each site and sampling event. Negative ﬂuxes indicate diﬀusion into the sediment. Vanadium ﬂuxes are listed ﬁrst assuming all V exists as vanadyl and
second assuming vanadate.
nmol
cm− 2 yr− 1
April
September

As
MG-5
2.3 ± 0.2
2.9 ± 0.5

MG-1
16 ± 1
7.0 ± 0.5

Fe
MG-5

MG-1
2

4.5∙ 10 ± 30
7.0∙ 102 ± 30

56 ± 6
2.8 ∙104 ± 2 ∙103

Mn
MG-5

MG-1
3

1.1∙ 10 ± 80
1.7∙ 103 ± 80

40

8.3 ∙10 ± 60
4.0 ∙103 ± 3∙ 102
2

V
MG-5

MG-1

−0.98 ± 0.07, − 1.0 ± 0.08
−2.6 ± 0.2, −2.8 ± 0.2

1.3 ± 0.3, 1.4 ± 0.3
−1.1 ± 0.09, − 1.1 ± 0.1
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was ﬂooded in September, the pore water dissolved S(− II) concentrations are > 10 times higher than in the pore water obtained when the
marsh was exposed to the atmosphere, suggesting that in the absence of
vegetation, tidal ﬂooding strongly inﬂuences the shallow subsurface
redox chemistry by limiting the supply of atmospheric oxygen to the
shallow pore waters and initiating consumption of other electron
acceptors (Miley and Kiene, 2004). In contrast to the MG-5 site, MG-1
had higher pore water S(−II) concentrations and lower water levels in
April 2014 than in September 2014 (Figs. 4, 5; Table 1). We note that
such seasonal diﬀerences in pore water S(−II) concentration are
contrary to what other studies have reported for seasonal S(− II)
variability based on Spartina alterniﬂora physiology (e.g.,
Krairapanond et al., 1992; Sundby et al., 2003). For example, towards
the late summer and early autumn, when the growth of Spartina
alterniﬂora slows, the ﬂow of oxygen to the roots ceases and anaerobic
decomposition begins (Sundby et al., 2003). Additionally, the higher
temperatures in September as compared to April (28.1 °C measured at
MG-1 in September vs. 22.7 °C in April) are expected to be more
favorable for generating higher SO42 − reduction rates, and hence S
(− II) production (Krairapanond et al., 1992; DeLaune et al., 2002;
Miley and Kiene, 2004). Furthermore, Mohajerin et al. (2016) observed
greater sulﬁde concentrations in August than in April in the upper 5 cm
of pore waters collected from marsh sediments in Terrebonne Bay to the
southwest of Myrtle Grove (Fig. 1). Hence, to account for the higher
pore water S(− II) concentrations that were observed at the MG-1 site
in April compared to September, we suggest that the seasonal diﬀerences in S(− II) concentrations at MG-1 are likely a result of removal of
S(− II) through mineral precipitation or oxidation (Canﬁeld, 1989;
Morford et al., 2005; Beck et al., 2008). Dissolved S(−II) concentrations are dictated not only by rates of SO42 − reduction but also by
reactive iron in the system because dissolved S(−II) reacts rapidly with
Fe(II) to form Fe sulﬁde minerals (e.g., Rickard, 2006; Burton et al.,
2011). The Fe values are much greater in the shallow pore water
samples at MG-1 in September than in April. Therefore, any S(− II)
produced by SO42 − reduction may have been consumed by precipitation of iron sulﬁde minerals like mackinawite, according to

Fe2+ + HS− ↔ FeSs + H+

productivity, Spartina alterniﬂora produces organic chelates that can
react with solid phase Fe(III)-oxides to form Fe(III) organic complexes
or reductively dissolve Fe minerals and release dissolved Fe(II), thereby
increasing the eﬀective solubility of iron (Luther et al., 1992). Therefore, as long as organic ligands are produced such that dissolved Fe
concentrations are in excess of dissolved sulﬁde, observed Fe concentrations can still be elevated.
In contrast to the shallow pore waters the deep groundwaters have
relatively low dissolved S(− II) concentrations and elevated Fe concentrations (Figs. 4, 5). This change with depth reﬂects the diﬀerent
mineralogy/composition between the shallow and deep sediments.
Whereas the shallow sediments have abundant labile organic matter
to fuel sulfate reduction, the deeper sediments are more mineral rich,
and the low dissolved S(−II) and elevated Fe concentrations suggest
that redox conditions are buﬀered by Fe(III) reduction in the deeper
groundwaters.
5.3. Arsenic cycling
Arsenic concentrations in shallow pore waters from the MG-1 site
are elevated 20 to 60 fold over the As concentrations in the underlying
deeper groundwaters, 3–4 m below (Table 1). We hypothesize that the
depth variation in As concentrations is related to Fe and S chemistry, in
particular, iron sulﬁde mineral precipitation and As complexation with
dissolved sulﬁde. Mackinawite is generally the ﬁrst iron sulﬁde mineral
to precipitate in sulﬁdic waters, although with time, it is commonly
converted to more stable pyrite (e.g., Schoonen and Barnes, 1991a;
Schoonen and Barnes, 1991b; Kirk et al., 2010). Mackinawite appears
to play an important role in As cycling in the shallow sulﬁdic waters.
Speciﬁcally, mackinawite precipitation decreases the amount of available dissolved S(− II) that can react with As(III), thereby inhibiting
orpiment and/or realgar precipitation (Fig. 6; O'Day et al., 2004; Kirk
et al., 2010). Second, As only adsorbs weakly onto mackinawite, which
is therefore less capable of sequestering As than pyrite, which sequesters As by co-precipitation (Schoonen and Barnes, 1991a; Wolthers
et al., 2005; Kirk et al., 2010; Burton et al., 2013). Furthermore,
mackinawite transformation to pyrite is kinetically slower in the
presence of high As and high dissolved organic carbon (DOC) concentrations (Wilkin and Ford, 2006; Wolthers et al., 2007; Kirk et al.,
2010). Using loss on ignition as a proxy for sedimentary organic matter
(SOM), the data suggest that SOM likely decreases with depth at both
MG-1 and MG-5 sites (Figs. 4, 5). The greater As and putative SOM
concentrations at the top of the core therefore suggests a positive
feedback mechanism whereby formation of pyrite may be slower in the
shallow subsurface. At depth, indicative of greater time for Fe-S
minerals to form pyrite, As concentrations concurrently decrease
(Figs. 4, 5). This suggests that, in addition to diﬀusion out of the
shallow pore waters, As may be lost from solution owing to coprecipitation with pyrite at depth. More work is clearly needed to quantify
pyritization rates and to understand As in solid phases at Myrtle Grove.
Dissolved S(−II) in Myrtle Grove pore waters can also react with As
species in solution, forming thioarsenate and possible thioarsenite
species (Rochette et al., 2000; Planer-Friedrich et al., 2007; Burton
et al., 2013). Formation of thioarsenate species appears to increase the
mobility of As in solution, and even in low sulﬁde waters
(< 10 μmol kg− 1), thioarsenate species can account for a substantial
portion of total aqueous As (Van der Weijden et al., 1990; O'Day et al.,
2004; Bostick et al., 2005; Stauder et al., 2005; Helz and Tossell, 2008;
Kirk et al., 2010; Burton et al., 2013; Couture et al., 2013). In April, the
pore waters at MG-1 exhibited high dissolved S(−II) concentrations
(i.e., S(− II) = 85–457 μmol kg− 1), and geochemical modeling indicates thioarsenate and thioarsenite species may have been present in
these pore waters (Fig. 7). Conversely, for the lower sulﬁde concentrations measured in September pore waters from MG-1 (i.e., S(−II) <
10 μmol kg− 1), the arsenite oxyanion is predicted to be the dominant
As(III) species, although any As(V) should have occurred as thioarse-

(3)

where log KFeS = − 3.5 for mackinawite (Delany and Lundeen, 1990;
Rickard, 2006; Burton et al., 2011). The Fe2 + concentrations of shallow
pore waters at the MG-1 site are > 400 μmol kg− 1 in September, and
the pH is ~6.6. According to Eq. (3), if all the dissolved Fe(II) in
shallow pore waters at MG-1 is able to react with dissolved S(− II), only
0.8 μmol kg− 1 S(− II) should exist in solution. Observed pore water S
(− II) concentrations at MG-1 in September range from < 1 to
~ 9 μmol kg− 1, and S(−II) concentrations are lowest where the Fe
concentrations are the highest (Fig. 4). Therefore, excess Fe appears to
regulate the partitioning of S(− II) between dissolved and solid phases
in these marsh pore waters. Indeed, geochemical modeling indicates
that mackinawite is nearly saturated to over-saturated in pore waters in
both April and September at both sites (Fig. 6).
Dissolved Fe concentrations are inﬂuenced not only by dissolved S
(− II) but also by vegetation in the shallow subsurface (Kostka and
Luther, 1995). Whereas the pore water Fe concentrations at site MG-5,
which lacks vegetation, are less variable over the course of our
sampling campaign (0.5–7 μmol kg− 1), Fe concentrations in the shallow pore waters at site MG-1, which is vegetated, increase by > 100fold between April and September (Figs. 4, 5). Higher Fe concentrations
have been observed in pore waters collected from sediments beneath
vegetated marsh sites as compared to unvegetated sites during both
spring and summer months (Kostka and Luther, 1995). Iron complexation with dissolved organic compounds is common in coastal waters
and acts to increase its overall solubility, both by increasing the
stability of Fe(III) in the aqueous phase and by ligand-induced reduction of Fe(III) to Fe(II) (Luther et al., 1992, 1996; Steinmann and
Shotyk, 1997; Rose and Waite, 2003). During times of high marsh
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Fig. 6. Predicted mineral saturation states for Fe- and As-sulﬁde species in the surface waters, shallow pore waters, and deep pore waters. Because SO42 − measurements are necessary to
calculate pyrite and greigite saturation, no pyrite or greigite saturation indices are available for the shallow pore waters. The saturation indices were calculated using Geochemist's
Workbench® (Bethke, 2008), which employs the B-dot model to calculate activity coeﬃcients for dissolved ions (Helgeson, 1969). The B-dot model is an extension of the Debye-Huckel
theory, and is valid for predicting activity coeﬃcients of ions in solutions of ionic strengths up to 1 m (Zhu and Anderson, 2002; Bethke, 2008).Log K values and equilibrium reactions for
modeled minerals at 25 °C from the thermo.dat database in Geochemist's Workbench®:

Mineral

Reaction

Log K

Pyrite

Fe2 + + 7 HS− + 1 H+ + 1 SO42− = FeS2(s) + H2O
4

Mackinawite
Orpiment
Realgar

2+

−

4

+

Fe
+ HS = FeS(s) + H
2H2AsO3− + 3HS− + 5H+ = As2S3(S) + 6H2O
H2AsO3− + HS− +
9
8
15
HS−
4

1
15 +
H = AsS(s) + 5 H2O + SO42
8
8
2
1
2−
SO4 = Fe3S4(s) + H2O + 7 H+
4
4

Greigite

3Fe

Fe(OH)3(ppd)
Mn(OH)2(am)

Fe3 + + 3H2O = Fe(OH)3(ppd) + 3H+
Mn2 + + 2H2O = Mn(OH)2(am) + 2H+

2+

+

+

− 24.7

4

− 3.5
− 64.8
− 25.2
− 23.4
4.89
15.3

p = 0.0001). Dissolved arsenic concentrations in natural waters are
commonly associated with dissolved Fe concentrations (Sullivan and
Aller, 1996; Smedley and Kinniburgh, 2002; Chaillou et al., 2003). Yet,
in this system, the Mn concentrations of the pore waters are generally
comparable to those of Fe. Therefore, in the shallow sediments at
Myrtle Grove, As may be adsorbed to Mn mineral surfaces during times
of oxygen penetration into the shallow subsurface. When conditions
change to sulﬁdic anoxic, reductive dissolution of Mn oxides will occur,
releasing As into solution, which may then form aqueous thioarsenate
and/or thioarsenite complexes (Fig. 8).

nate species (Fig. 7). Consequently, we suggest that the statistically
signiﬁcant higher As concentrations measured in MG-1 shallow pore
waters in April (220 ± 71.7 nmol kg− 1) compared to September
(152 ± 42.8 nmol kg− 1) reﬂect, in part, the diﬀerence in predicted
aqueous speciation of As and the potentially greater preference of
thioarsenate species for the aqueous phase as compared to arsenate (ttest, p < 0.05; Table 1).
Finally, it is important to note that As is positively correlated with
Mn in pore waters from both cores and that the relationship is
signiﬁcant for pore waters collected in September from both cores
(MG-1 September R2 = 0.54, p = 0.06; MG-5 September R2 = 0.94,
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Fig. 7. Geochemical modeling prediction of As(III) (A) and As(V) (B) speciation in the presence of dissolved S(−II). The shaded region indicates the S(−II) activity observed at Myrtle
Grove. The average pH (7.0) and average As concentration (100 nmol kg− 1) of pore water samples were used to construct the diagram. The equilibrium constants for thioarsenate and
thioarsenite formation are summarized in Table 2 of Yang et al. (2015).

with DOC (Telfeyan et al., 2015).
A comparison of Fe and V in the deeper groundwaters, however,
reveals that, although the V trend generally follows that of Fe, the
magnitude is much less. More speciﬁcally, the Fe concentrations of the
deep groundwater are up to 30 times greater than in the average pore
water concentrations, whereas the increase in V is much less (up to 2.7
times). Therefore, although Fe and V behave very similarly in the
shallow subsurface, their concentrations are decoupled at depth. The
disconnect between Fe and V behavior at depth may reﬂect their
diﬀerent reactivities to sulfur. Elevated Fe concentrations at depth are
indicative of Fe(III) oxide/oxyhydroxide reduction to more soluble Fe
(II), and without elevated S(−II) concentrations, Fe mobility will
increase (e.g., Luther et al., 1992). Because V does not positively
covary with Fe in deep pore waters (~ 3–4 m), V may not be initially
adsorbed/desorbed to Fe(III) oxides/hydroxides at depth (e.g., Hem,
1977; Peacock and Sherman, 2004). Alternatively, V may initially
adsorb to Fe/Mn oxides/hydroxides and upon reductive dissolution of
Fe(III) oxides/hydroxides, V may be released to solution and subse-

5.4. Vanadium cycling
Under iron- and sulfate-reducing conditions, such as those observed
in Myrtle Grove shallow pore waters and deeper groundwaters, V
should exist as a V(IV) or potentially V(III) species (Wehrli and Stumm,
1989; Wright and Belitz, 2010). These redox states are generally less
soluble compared to V(V), the predominant redox state in oxidized
surface waters (Wanty and Goldhaber, 1992; Wright et al., 2014).
Nonetheless, V concentrations do not vary systematically with depth at
Myrtle Grove (Figs. 4, 5). In the shallow pore waters, the V peak
corresponds closely with that of Fe, and V and Fe are signiﬁcantly
correlated, suggesting that similar geochemical processes control their
aqueous concentrations (R2 = 0.50; p < 0.005). Given the high
organic matter content of the shallow sediments (> 80%), it is likely
that dissolved organic matter complexes with aqueous V, thereby
increasing its solubility in a manner similar to that of Fe (Beck et al.,
2008; Pourret et al., 2012). Even in groundwaters with low dissolved
organic carbon, V solubility may be enhanced through complexation
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Fig. 8. Summary of hypothesized hydrologic (A) and chemical (B) processes aﬀecting trace element ﬂuxes as discussed in the text. MSR: Mississippi River.

waters act as a source of these trace elements to the coastal bay waters
(Table 3). These results are consistent with observations that positive
diﬀusive ﬂuxes of Fe, Mn, and As from sediments occur under reducing
conditions, and the ﬂuxes are similar to those at other sites (Table 4; Li
et al., 2014). Of the elements studied in Myrtle Grove marsh pore
waters, Fe concentrations vary the most through time and space,
reﬂecting the coupling of Fe and S cycling and the dependence of
aqueous Fe concentrations on iron sulﬁde mineral precipitation.
Although V concentrations of pore waters from Myrtle Grove appear
to be coupled to Fe cycling, diﬀusive ﬂuxes of V are directed into the
sediments. The negative V ﬂuxes represent the greater V concentrations
in Myrtle Grove surface waters compared to pore water concentrations
(Tables 1, 3).

quently adsorbed to surfaces of other minerals or sedimentary organic
matter (Fig. 8). In addition to Fe(III) oxides/hydroxides, V may adsorb
to humics or more weakly to clays (McBride, 1978; McBride, 1979;
Wanty and Goldhaber, 1992). Whereas the surﬁcial sediments have
abundant labile organic matter, the deeper sediments likely contain
more recalcitrant organic matter less susceptible to degradation. Therefore, V may be associated with the solid phase organic matter at depth
as opposed to forming the dissolved organic complexes in the shallow
pore waters.
5.5. Diﬀusive pore water ﬂuxes of trace elements
Positive ﬂuxes of Mn, Fe, and As suggest that the coastal marsh pore
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Table 4
Summary of diﬀusive ﬂuxes calculated at other study sites. Negative signs indicate the ﬂux is directed into the sediment.
Element

Study area

Diﬀusional ﬂux nmol cm− 2 yr− 1

Reference

As

Myrtle Grove marsh
Lagoons, Venice, Italy
Danshuei Estuary, Taiwan
Amazon Shelf
Bay of Biscay, France
Myrtle Grove marsh
Lagoons, Venice, Italy
Gulf of Finland;
Vistua Lagoon, Baltic Sea;
Golubaya Bay; Black Sea
Galveston Bay, Texas
Lake Bret, Switzerland
Rosário salt marsh, Portugal
Iberian Peninsula salt marshes
Myrtle Grove marsh
Vistua Lagoon, Baltic Sea; Golubaya Bay; Black Sea
Galveston Bay, Texas
Lake Bret, Switzerland
Rosário salt marsh, Portugal
Iberian Peninsula salt marshes
Myrtle Grove marsh
Vigio Ria, Spain
Lagoons, Venice, Italy

2.1- 17
2.19, − 1.58
0.627–4.67
0.292–91.3
1.00–2.00
50–30,000
− 30.7, − 55.2
182.5–36,500

This study
Turetta et al. (2005)
Fang and Chen (2015)
Sullivan and Aller (1996)
Chaillou et al. (2003)
This study
Turetta et al. (2005)
Pakhomova et al. (2007)

256–3431
315–78,8400
0.0105, − 0.051
− 16,870–2834
770–4,300
2560–16,2000
730–13,400
378–1480
4800, 290
61.7–3831
− 3.0–1.7
1.48–4.35
− 73.6, 11.4

Warnken et al. (2001)
Belzile et al. (1996)
Santos-Echeandía et al. (2010)
Blasco et al. (2000)
This study
Pakhomova et al. (2007)
Warnken et al. (2001)
Belzile et al. (1996)
Santos-Echeandía et al. (2010)
Blasco et al. (2000)
This study
Santos-Echeandía et al. (2009)
Turetta et al. (2005)

Fe

Mn

V

marsh, and diﬀusive ﬂuxes, and assuming the Bay is under steady-state
conditions, then,

The ﬂuxes reported here represent maximum estimates because we
have calculated the diﬀusive ﬂux of solutes. The real magnitudes are
dependent upon the frequency with which the marsh is ﬂooded and
subsequently ﬂushed (Santos-Echeandía et al., 2010). The enriched
water must be ﬂushed from the marsh before reprecipitation of iron
oxides or iron sulﬁdes occurs. A portion of the diﬀusive ﬂux may
therefore be recirculated at the sediment-water interface (Chaillou
et al., 2003). From the time series analysis of the hydrologic variables,
it is likely that the marsh is ﬂooded more frequently during the spring,
which would suggest that diﬀusive ﬂuxes are more relevant during this
time.
To consider the signiﬁcance of these trace element (i.e., As, V)
diﬀusive ﬂuxes from the sediments to the overlying water column
within Barataria Bay, a comparison with estimated reservoir ﬂuxes is
useful. Previous work separated hydrologic ﬂuxes into (Qin) and out of
(Qout) Barataria Bay, and the pertinent values are summarized in
Table 5 (Kolker et al., 2013). If we assume that the concentrations of
As and V in the water column of Barataria Bay can be considered to
represent a balance between the ﬂuxes of both trace elements transported into the bay from the Gulf of Mexico (i.e., the tidal prism),
surface water runoﬀ, submarine groundwater discharge, input from the
Davis Pond Freshwater Diversion, meteoric precipitation over the

Qout × [TM ]BB = QTP × [TM ]GoM + Qsurf . × [TM ]MG −1
+ QDPFD × [TM ]MG −1 + Qnet rain × [TM ]rain
+ QSGD × [TM ]MG −1 + Diff . Flux

in which [TM]BB is the concentration of the trace metal (i.e., As or V) in
Barataria Bay, QTP is the ﬂux of water from the tidal prism, [TM]GOM is
the trace metal concentration in the Gulf of Mexico, Qsurf is the ﬂux of
various surface water sources, [TM]MG-1 is the average trace metal
concentration measured in the surface water at MG-1, QDPFD is the ﬂux
of water from the Davis Pond Freshwater Diversion, Qnet rain is the ﬂux
of rainwater minus the evaporative ﬂux, [TM]rain is the trace metal
concentration of the rain, which is considered negligible given the low
concentration in rain and orders of magnitude lower ﬂux of rain
compared to the other ﬂuxes, and QSGD is the ﬂux of submarine
groundwater discharge to Barataria Bay (Kolker et al., 2013). Qout
represents the ﬂux exiting the bay on the ebb tide and is determined
from a salinity balance, such that

Table 5
Values used in mass balance calculation.
Flux

Source

Value

SGD (m3/day)
Rainwater ﬂux (m3/day)a
Evaporative ﬂux (m3/day)a
Qsurf (m3/day)a,d
AsMG-1 (nmol/m3)
VMG-1 (nmol/m3)
QTP (m3/day)
AsGoM (nmol/m3)
VGoM (nmol/m3)
DPFD (m3/day)a,e
Area of Barataria Bay (cm2)b

Groundwater dischargea

1.28–1.35 × 108 (with and without DPFD)
2.46 × 106
1.87 × 106
1.73 × 107
1.42 × 104
2.87 × 104
2.3 × 108
1.5 × 104
3.6 × 104
7.78 × 106
5.7 × 1012

a
b
c
d
e

(4)

Unregulated surface ﬂuxes
Average As MG-1 surface water
Average V MG-1 surface water
Tidal Prisma
Average seawater (see Section 4.4)
Gulf of Mexico concentrationc
Davis Pond Freshwater Diversion

Values from Kolker et al. (2013)
Value from Feng and Li (2010)
Value from Shiller and Mao (1999)
Value from Reed (1995)
Value from Allison et al. (2012)
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⎛ salinity flood tide ⎞
Qout = Qin∗ ⎜
⎟
⎝ salinity ebb tide ⎠
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in which Qin is the ﬂux from the tidal prism and the salinities of the
ﬂood and ebb tides are 25 and 15, respectively (Kolker et al., 2013).
The Qout ﬂux is therefore 3.83 × 108 m3 day− 1.The diﬀusive ﬂux
considers the maximum and minimum ﬂux estimates for the trace
metals. The diﬀusive ﬂuxes of As and V from Table 3 are multiplied by
the area of the bay to yield a range of 3.3 × 1010 to
2.7 × 1011 nmol day− 1 directed out of the sediments for As and a
range of 4.7 × 1010 nmol day− 1 directed into the sediments to
2.7 × 1010 nmol day− 1 directed out of the sediments for V. Eq. (4)
can therefore be solved for the As and V concentrations in Barataria
Bay, which are computed to range from 1.48 × 104 to
1.53 × 104 nmol m− 3 for As and 3.29 × 104 to 3.31 × 104 nmol m− 3
for V. The range is determined by computing the sum with and without
the DPFD and accounting for both the minimum and maximum
estimates of the diﬀusive ﬂuxes. The computed V concentration range
for Barataria Bay is less than the concentration of the Gulf and greater
than the concentration in Myrtle Grove Canal, which is consistent with
the results of the diﬀusive ﬂuxes that suggest that the marsh at Myrtle
Grove serves as a sink for V. The As concentration of seawater and of
Myrtle Grove Canal are very similar, and the estimated As concentration range of Barataria Bay is within the range of these two reservoirs.
Because the uncertainty of this estimate is likely greater than the
variation between the As concentrations of the reservoirs, it is diﬃcult
to conclude whether the diﬀusive ﬂuxes contribute substantially to
either. However, the upper end of the estimated As concentration for
Barataria Bay is slightly greater than either reservoir, which is
consistent with a diﬀusive input from the sediments.
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